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Abstract Given the demonstrated antimicrobial properties of silver nanoparticles (AgNPs), and the key role that
microorganisms play in performing critical ecosystem
functions such as decomposition and nutrient cycling, there
is growing concern that AgNP pollution may negatively
impact ecosystems. We examined the response of streamwater and sediment microorganisms to commercially
available 21 ± 17 nm AgNPs, and compared AgNP
impacts to those of dissolved-Ag added as AgNO3. We
show that in streamwater, AgNPs and AgNO3 decreased
respiration in proportion to dissolved-Ag concentrations at
the end of the incubation (r2 = 0.78), while in sediment the
only measurable effect of AgNPs was a 14 % decrease in
sulfate concentration. This contrasts with the stronger
effects of dissolved-Ag additions in both streamwater and
sediment. In streamwater, addition of dissolved-Ag at a
level equivalent to the lowest AgNP dose led to respiration
below detection, a 55 % drop in phosphatase enzyme
activity, and a 10-fold increase in phosphate concentration.
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In sediment, AgNO3 addition at a level equivalent to the
highest AgNP addition led to a 34 % decrease in respiration, a 55 % increase in microbial biomass, and a shift in
bacterial community composition. The results of this
study suggest that, in similar freshwater environments, the
short-term biological impacts of AgNPs on microbes are
attenuated by the physical and chemical properties of
streamwater and sediment.
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Introduction
The use of silver nanoparticles (AgNPs) in consumer
products is growing rapidly, as AgNPs are incorporated
into clothing, containers, and dietary supplements (Project
on Emerging Nanotechnologies 2010) for their antimicrobial properties (Kim et al. 2007; Lok et al. 2007; Pal et al.
2007). However, these same antimicrobial properties make
AgNPs of particular concern as they enter natural and
managed environments (Benn and Westerhoff 2008) as
many ecosystem functions (e.g., decomposition, nutrient
cycling and removal) are driven by microbial activity. In
laboratory studies with plants and microbes, AgNPs have
been shown to have the potential to be more toxic than
equivalent concentrations of dissolved-Ag (Yin et al. 2011;
Choi and Hu 2009). However, while release of dissolvedAg into the environment is regulated, clear guidelines do
not exist for AgNPs (Corley et al. 2009).
The current understanding of AgNP impacts on environmental microorganisms is largely limited to extrapolation from laboratory studies of single microbial strains
grown in highly controlled culture media. In these
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experiments, highly-reactive freshly-synthesized particles
are added in nutrient rich culture media at concentrations
typically at or below 100 mg L-1 with acutely toxic effects
(Yoon et al. 2007; Morones et al. 2005; Amin et al. 2009;
Pal et al. 2007; Sondi and Salopek-Sondi 2004). Extrapolating from pure culture experiments to environmental
microbial communities is difficult in part due to the major
physicochemical differences in the media. Additionally,
instead of single-strain planktonic cultures, environmental
microbes are found in highly diverse communities (Girvan
et al. 2005) mostly attached to surfaces in biofilms—
matrices of polysaccharides, proteins, and DNA—which
protect from antimicrobial solutes and particles (Costerton
2007).
However, pure culture studies can give us insight into
both the potential mechanisms of AgNP toxicity toward
environmental microbes, and environmental factors likely
to regulate toxicity. Though there is no clear consensus on
the exact mechanism of AgNP antimicrobial activity,
several modes of action have been identified. Some studies
suggest that Ag? may be the primary form of Ag directly
causing toxicity (Lok et al. 2006; Kim et al. 2007). While it
is Ag? that is chemisorbed on the surface of AgNPs, and
Ag? is released through oxidation and dissolution of
AgNPs (Lok et al. 2007), given the many potential dissolved forms of Ag? in systems other than deionized water,
we will largely refer to Ag? and its dissolved derivatives as
dissolved-Ag.
Alternatively, AgNPs may have unique modes of toxicity caused by direct physical membrane disruption (Kim
et al. 2007; Lok et al. 2006; Aruguete and Hochella 2010),
stimulation of ROS production (Choi and Hu 2008), or by
potentially serving as localized sources of elevated dissolved-Ag when particles are in close physical proximity to
a biotic receptor (Navarro et al. 2008). Since changes in
dissolution of AgNPs due to AgNP coating (Smetana et al.
2008), dissolved oxygen concentration, ionic strength (Liu
and Hurt 2010; Kent and Vikesland 2011), and nanoparticle autoaggregation (Lok et al. 2007; Liu and Hurt 2010)
will impact both dissolved-Ag and AgNP concentration,
these processes are likely strong drivers of AgNP toxicity.
Beyond dissolution and autoaggregation, we anticipate
that streamwater and sediments are likely to alter toxicity
by promoting surface complexation (i.e., ligand binding
leading to decreased dissolution and reactivity) by sulfides
(Choi et al. 2009; Kim et al. 2010), thiols (Smetana et al.
2008; Miao et al. 2009), and other ligands. Further, we
expect heteroaggregation and adsorption of organic matter
on NPs (Fabrega et al. 2009; Elzey and Grassian 2010) will
control the transport and fate of NPs in the environment in
sediments and soils, and ultimately influence AgNP toxicity to microorganisms. Thus we would expect the extent
of aggregation, dissolution, and physical separation
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between microbes and AgNPs would be important determinants of their toxicity to environmental microbes
(Aruguete and Hochella 2010; Lok et al. 2006; Kim et al.
2007). The interplay of these many factors then determines
the probability that microbes will encounter AgNPs or
dissolved-Ag, as well as the likelihood that such an
encounter would prove toxic. This may in part explain the
minimal impacts of AgNP exposures on microbial community composition in estuarine sediments (Bradford et al.
2009), or activity in lake sediments (Gao et al. 2011).
In this study, we considered how AgNP toxicity may be
modified by two complex media—streamwater and sediments—and addressed the following questions:
Do AgNPs added to streamwater change microbial
activity?
Do AgNPs added to stream sediments change the
activity, abundance, or community composition of
microbes?
How do the effects of AgNPs on stream microbes differ
from the effects of dissolved-Ag?
Are the AgNPs physicochemically destabilized in environmental media?
We examined the responses of intact microbial communities obtained from a local stream following exposure
to a commercially relevant AgNP formulation, measuring
microbial biomass, microbial activity (enzyme activity,
nutrient concentrations), and composition using molecular
fingerprinting of the bacterial component of the microbial
community.

Methods
Environmental media and microbial community
collection
Sediment and streamwater were collected from a tributary
to Mud Creek (Duke Forest, Durham, NC, USA), a small
stream draining a fully forested watershed that is used as a
reference site for ongoing ecological research on regional
streams (Sudduth and Bernhardt 2011). Ten liters of
streamwater were sampled from a calm pool into a low
density polyethylene carboy (CubatainerÒ, Hedwin Corporation, Baltimore, USA), and 4 L were filtered through
Whatman GF/F filters (nominal pore size 0.7 lm) into a
glass bottle to remove large colloids and algae. Streamwater had a pH of 8.1, and concentrations of Na?, Ca2?,
Mg2?, and Cl- of 8.5 ± 1.4, 0.1 ± 0.1, 26.3 ± 3.2, and
20.9 ± 0.4 mg L-1. A total of 2 kg of sediment was collected from between 0 and 5 cm, and brought back to the
lab on ice in a polyethylene bag. Sediment was then sieved
to 2 mm to homogenize the sample and remove rocks, and
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subsequently placed in Nytex netting to remove excess
water for 1 h. Sediment was then stored in polyethylene
bags at 4 °C prior to initiating experiments. Sediment had a
pH of 7.0 (1:1 water:sediment), and loss on ignition of
15.4 %. The surface litter layer from the riparian area
adjacent to the stream was collected for extraction of dissolved organic matter to serve as supplemental substrate
for streamwater microbes.
Nanoparticle stock suspension characterization
The commercial AgNPs (NanoAmor, Los Alamos, New
Mexico, USA) were purchased as a powder. These nanoparticles had a polyvinylpyrrolidone surface treatment
added by the manufacturer to enhance their stability when
placed into water, and were described as having a 10 nm
size by the manufacturer. The suspensions were prepared
by sonicating 257 mg/L of AgNPs in deionized water for
10 min using a Sonicator 4000 (Misonix, QSonica LLC,
Newton, CT). AgNPs shape, size, and crystal structure
were characterized by transmission electron microscopy
(TEM; 160 kV; G2 Twin, FEI Tecnai, Hillsboro, OR,
USA) and X-ray diffraction (XRD; PANalytical X’Pert
PRO MRD HR diffractometer with a Cu Ka radiation
(1.5405 Å) at 45 kV and 40 mA). We confirmed that the
AgNPs made of metallic silver (Ag0). No other crystalline
phases were observed by XRD. These NPs have a mean
TEM diameter of 21 ± 17 nm (n [ 100) and a roughly
spherical shape. In their stock suspensions, these AgNPs
have negative surface charges (zeta potential values of
-22 ± 3).
Before and after incubation with streamwater and sediment, the dissolution and aggregation states of the AgNPs
were studied. The dissolved silver concentrations were
measured by ICP-AES (inductively coupled plasma atomic
emission spectroscopy) using a Jobin spectrometer. The
solid and liquid phases were separated by ultracentrifugation at 197,5689g for 2 h. The supernatants were removed
and acidified immediately after preparation and stored at
4 °C prior ICP-AES analysis. Aggregation of AgNPs was
quantified by following particle size distributions (mean
hydrodynamic diameter) over time by dynamic light scattering (DLS) using a CGS 3 spectrometer (ALV-GmbH,
Germany) equipped with a helium–neon laser (633.4 nm)
and goniometer. Suspensions were analyzed at 25 °C with
the photomultiplier set to a scattering angle of 90°.
Effects of AgNPs on streamwater microbes
A total of 30 mL of streamwater (8.5 mg C L-1) was
pipetted into each of forty 60 mL I-Chem (Thermo Fisher
Scientific, Rockwood, Tennessee, USA) vials with gas
tight lids fitted with rubber sampling septa. To each of
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eight replicate vials, additions were made of 5 mL of leaf
litter leachate (134 mg C L-1) and then 15 mL of treatment solutions containing either AgNPs or AgNO3 mixed
with deionized (DI) water. This left 10 mL of headspace
for gas measurements. Leachate was added to ensure
adequate labile carbon supply to sustain stream microbial
communities over the duration of our experiment, and was
prepared by soaking 180 g leaf litter in 2 L DI water for
2 h, followed by filtration through a 0.22 lm filter. Three
concentrations of AgNPs were used (0.75, 7.5 and
75 mg Ag L-1) and these treatments were compared with
negative controls that received only DI water and positive
controls that received AgNO3- at 0.75 mg Ag L-1. While
the AgNO3 treatment also increased NO3-–N by
96 lg N L-1, it is unlikely that NO3- would have changed
microbial activity given that nitrate concentrations in the
source stream vary from 0.5 to 300 lg N L-1 over the
course of 4 years of weekly sampling (Bernhardt, unpublished data). Concentrations of AgNO3 higher than
0.75 mg Ag L-1 were not used for the positive control as
0.75 mg Ag L-1 was found to be sufficient to eliminate
microbial respiration in previous experiments. Treatment
solutions were combined with streamwater in one addition
followed by vigorous shaking for 10 s. An initial headspace gas sample was then collected, and all vials were
placed in the dark at room temperature on an orbital shaker
at 100 rpm for 12 days. At the end of 12 days, each vial
was destructively sampled for water chemistry and phosphatase enzyme activity.
Microbial respiration was measured in response to
experimental treatments by comparing headspace CO2
concentrations between the beginning and end of the
incubation, with CO2 measured on an infrared gas analyzer
(Li6200; Li-Cor Environmental, Lincoln, USA). Microbial
functional responses were assessed by measuring phosphatase enzyme activity using standard protocols (SaiyaCork et al. 2002). Concentrations of NO3-, SO42-, and Clwere measured on a Dionex ICS-2000 IC (Dionex, Sunnyvale, USA) and total ammonia and orthophosphate were
measured on a Lachat QuikChem-8000 (Lachat Instruments, Loveland, USA). Total dissolved C and N were
determined on a Shimadzu TOC/TN analyzer (TOC-V and
TNM-1, Shimadzu Corporation, Tokyo, Japan). To determine dissolved-Ag concentrations, we took samples and
centrifuged them for 1 h at 40,000 rpm (197,5689g) in a
L8-80 M Ultracentrifuge (Beckman, Brea, USA) to remove
NPs, then analyzed acidified supernatants (5 % concentrated HNO3) on an inductively coupled plasma optical
emission spectrometer (Prism ICP High Dispersion, Teledyne Leeman Labs, Hudson, USA).
To visualize the dense micron-scale particles observed
in AgNP treatments, but absent in controls and the AgNO3
treatment, fluorescence microscopy was used and particles
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were identified as putative AgNP aggregates. Streamwater
samples were imaged using a Zeiss Axio Observer widefield fluorescence microscope using fluorescence (Carl
Zeiss, Thornwood, USA). Fluorescence images were generated using the DNA intercalating fluorescent probes
SYTO 9 and SYTOX Orange (Invitrogen, Carlsbad, USA),
that fluoresce green (kex = 485 nm, kem = 498 nm) and
orange (kex = 485 nm, kem = 498 nm) respectively.
While these stains can be used to differentially stain
microbes with intact and damaged membranes, we present
images as black and white composites to better show the
contrast between bacteria (bright spots), biofilm (gray areas
surrounding bacteria), and particles (areas where fluorescence is blocked).
Effects of AgNPs on stream sediment microbes
Sediment (4 g dry weight equivalent) was weighed into
each of 75 individual 60 mL I-Chem vials, to which 20 mL
of treatment solution was subsequently added containing 0,
75, 125, or 250 mg Ag L-1 as AgNPs (yielding concentrations of 0, 0.375, 0.625, and 1.25 mg Ag kg-1 sediment),
or 250 mg Ag L-1 as AgNO3. All AgNP treatments were
supplemented with KNO3 to raise NO3- concentration to
32 mg N L-1, equivalent to the concentrations in the
AgNO3 treatments, a level much higher than background
extractable NO3- in these same sediments (\0.2 mg N L-1
based on KCl extractions, data not shown). Each treatment
solution was added as a single injection to each of 15 replicate vials. Immediately following additions vials were
mixed by vigorous shaking for 10 s. Headspace gas samples
were collected for initial CO2 measurements, and then vials
were incubated horizontally on an orbital shaker at 100 rpm
for 7 days in the dark at room temperature.
After 1, 3, and 7 days, five replicate samples were
destructively sampled by first allowing samples to sit
upright for 30 min, then taking 10 mL subsamples of the
supernatant to filter and analyze for dissolved solutes. Two
replicates per treatment and time point were frozen at
-80 °C prior to enzyme and molecular analysis. Microbial
biomass was measured on three replicates as described
below. Before sampling supernatants and sediments on the
seventh day, headspace gases were first collected for CO2
analysis.
Aggregation of AgNPs in our sediment slurries was
assessed through a separate set of experiments. While
AgNP aggregates in streamwater were readily assessed by
visual observation and DLS, aggregation in the presence of
sediment was not easily observed given the high background of natural colloids from the sediment. Indirect
evidence of aggregation was assessed by adding AgNP
solutions to either 0.1-0.5 or 50 kDa MWCO dialysis
tubes (Spectra/por Float-A-Lyzer G2 dialysis tubes;
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Spectrum Labs, Rancho Dominguez, USA) which were
then inserted into sediment slurries. Both types of dialysis
tubing had MWCO sufficient to retain AgNPs and exclude
sediments (controls with DI showed no particles inside the
membrane at the end of the experiment), but allowed for
differing sizes of dissolved organics and ions through to
interact with the AgNPs. Prior to use, dialysis tubes were
filled with and soaked in deionized water, with three
changes of the water in and outside the tube. The equivalent of 4 g dry weight sediment was slurried in 22 mL of
deionized water in polystyrene cylinders. Treatments all
consisted of three replicates which had 9.5 mL of either
AgNPs (250 ppm AgNPs) or DI water in dialysis membranes, which were then placed in the polystyrene cylinders. Experimental treatments were done in triplicate, and
were incubated upright for 7 days with daily inversion to
insure mixing inside and outside of the dialysis membranes. At the conclusion of the experiment, the suspension
within the dialysis membrane was withdrawn using a disposable transfer pipette and transferred to polystyrene
centrifuge tubes prior to particle size analysis.
Microbial respiration, biomass, and extracellular
enzyme activity
To measure respiration for all experiments, headspace CO2
concentration change was measured between the beginning
and end of the incubation. Microbial biomass in sediment
was determined by substrate induced respiration, which
serves as an inexpensive, rapid, and sensitive index of the
active microbial biomass, or biomass that can rapidly
become active in the presence of abundant substrate (Fierer
et al. 2003). The potential activities of three hydrolytic
extracellular enzymes were measured: phosphatase
(streamwater and sediment), sulfatase (sediment), and
leucine aminopeptidase (sediment) using standard methods
(Saiya-Cork et al. 2002).
Bacterial community composition
Isolation of DNA from sediment samples (n = 18 total
samples with 3 treatments, 3 time points, and 2 analytical
replicates per treatment by time combination) was done
using PowerSoil kits (MoBio Laboratories, Carlsbad, CA,
USA), according to the manufacturer’s instructions. Bacterial DNA amplification was done in triplicate using standard
protocols and fluorescently labeled primers following
extraction (Liu et al. 1997; Osborn et al. 2000). Resulting
PCR products were composited (per treatment by time
combinations), cleaned, and checked for appropriate size.
Shifts in bacterial community composition were assessed
using terminal restriction fragment length polymorphism
(T-RFLP; Osborn et al. 2000), a culture-independent,
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To examine differences in bacterial community composition among treatments, the ecodist package (Goslee
and Urban 2007) in R was used to perform a non-metric
multidimensional scaling (NMS) ordination with BrayCurtis distance measures, a random starting configuration,
and 200 runs with real data. NMS ordinations create a
mapping of samples into a reduced ordination space that
preserves the rank order of ecological distances among
samples (i.e., presence–absence data from TRFLP profiles).
NMS is unique in its lack of assumptions and its ability to
present an unbiased representation of multivariate structure
in reduced space. NMS ordination scores are calculated
to map as directly as possible to ecological distances
(McCune and Grace 2002).

molecular fingerprinting method that involves cutting fluorescently labeled PCR products with a restriction enzyme to
yield fragment profiles where each fragment length is
associated with an operational taxonomic unit. The PCR
product was digested with the restriction enzyme endonuclease MspI (New England Biolabs, Ipswich, USA).
Digested fragments were then separated and analyzed by
electrophoresis and fluorescence measurements using an
ABI Prism 3100 genetic analyzer (Applied Biosystems,
Foster City, USA). Although T-RFLP data generally
underestimate the richness of highly complex communities,
the method has been accepted as an appropriate and efficient
means of assessing overall dissimilarity in composition
among bacterial communities (Osborn et al. 2000).
Statistical analyses

Results
All analysis of variance (ANOVA) tests were done using
SigmaStat 4 (Systat Software Inc., San Jose, USA; Systat
Software Inc. 2008) to test for overall differences among
treatments. Holm-Sidak post hoc tests were used to isolate
the differences among treatments while correcting for
multiple comparisons.
To test for significant differences in microbial community composition among treatments, we used the vegan
package (Oksanen et al. 2010) in R (version 2.11.1; R
Development Core Team, Vienna, Austria, http://www.
R-project.org/) to conduct analysis of variance using distance matrices (ADONIS), which is comparable to analysis
of similarity (Anderson 2001; Oksanen 2010). We used
Bray-Curtis distance measures and significance was calculated based on 1,000 null permutations of the data.

Addition of the commercial AgNPs slowed the decomposition of dissolved organic matter with increased dose
(Fig. 1a), and produced a corresponding decrease in
microbial respiration (Fig. 1b). At 75 mg Ag L-1 respiration was 39 % lower than the unamended control, but was
significantly higher than the positive (AgNO3) control. At
0.75 mg Ag L-1, AgNO3 resulted in no detectable respiration. Concentrations of phosphate were uniformly low
among the control and AgNPs treatments, averaging
1.25 lg L-1, but rose to 12 lg L-1 in the AgNO3 treatment
(Fig. 1c). Phosphatase enzyme activity increased from an
average of 5.5 to 10.2 lmol L-1 h-1, from the control to the
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75 mg Ag L-1 treatment, respectively (Fig. 1d). It also
showed a small but significant decline in the AgNO3 treatment, decreasing to 3.5 lmol L-1 h-1.
By the end of the experiment, aggregates of AgNPs
could be observed visually in the AgNP treatments. Their
hydrodynamic diameters were too large to be accurately
measured by DLS. Microscopy revealed that these aggregates were colonized by microorganisms in biofilms
(Fig. 2a), whereas in the control and AgNO3 treatment there
were no such solid and optically dense particles (Fig. 2b,c).
Over the course of the experiment dissolved-Ag concentrations increased in the lower dose AgNP treatments,
and declined in the highest AgNP and AgNO3 treatments.
The original 250 mg Ag L-1 AgNP suspension stock
contained dissolved-Ag at 0.67 mg Ag L-1. By comparing
the initial mass of dissolved-Ag added to the treatments
with mass measured at the end of the experiment, we
calculated the net production or removal of dissolved-Ag
from solution for each treatment (Table 1).
Commercial AgNPs’ impacts on sediment microbes
In sediment there was no change in microbial biomass or
respiration due to AgNPs at even the highest concentration
(250 mg Ag L-1; Fig. 3a, b). In contrast, AgNO3 addition
Fig. 2 Micrograph showing
watercolumn microbes in
biofilms stained with DNA
intercalating dyes, where bright
areas are bacterial cells, diffuse
areas are biofilm. Dark areas,
several of which are indicated
by arrows in panel a (AgNP
75 mg Ag L-1), and which are
absent from both panels
b (0.75 mg Ag L-1 AgNO3)
and c (Control) were identified
as putative AgNP aggregates.
Scale bars are 5 lm
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at 250 mg Ag L-1 caused a 29 % decrease in respiration,
though microbial biomass increased by 50 %. Orthophosphate and total ammonia both increased following AgNO3
addition, but were not affected by AgNP addition (Fig. 4a,
b). The only measured parameter that showed any change
with AgNP addition was sulfate concentration (Fig. 4c),
which was reduced by 14 % in the 250 mg Ag L-1 treatment relative to controls. Once again the AgNP effects
were more subtle than those of the positive control,
AgNO3, which had sulfate concentrations 47 % lower than
negative controls in the AgNO3 treatment.
Extracellular–enzyme activities, and bacterial community composition in sediment did not change as a result of
AgNP treatments, but did change with AgNO3 addition.
Both phosphatase and leucine aminopeptidase activities
were unchanged in the highest AgNPs treatment, but were
significantly lower for AgNO3, while sulfatase was low and
invariable across treatments (Fig. 4d–f). Analysis of bacterial T-RFLP data (Fig. 3d) suggested that bacterial
community composition in the highest AgNP treatment
was indistinguishable from controls, while the AgNO3
treatment showed evidence of a significant shift in community composition as measured by ADONIS. The NMS
ordination corroborated the ADONIS findings and show a
clear separation of AgNO3 treated communities from
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Table 1 Concentrations of total silver added, and masses of dissolved silver added and measured at the end of the streamwater and
sediment experiments
Form

Total Ag added
-1

(mg Ag L )

Dissolved-Ag (lg Ag)
Added

Final

Net change

Streamwater
AgNP

0.75

0.1 ± 0.002

0.8 ± 0.2

0.7 ± 0.2

AgNP

7.5

1.0 ± 0.018

1.6 ± 1.1

-0.6 ± 1.1

AgNP

75

10 ± 0.18

2.5 ± 0.9

-7.5 ± 0.9

AgNO3

0.75

37.5 ± 0.7

4.0 ± 0.2

-33.6 ± 0.7

Sediment
AgNP

75

4 ± 0.07

0

-4 ± 0.07

AgNP

125

6.6 ± 0.1

0

-6.6 ± 0.1

AgNP

250

13.4 ± 0.2

0.2 ± 0.02

-13.2 ± 0.2

AgNO3

250

5000 ± 90

6.6 ± 0.21

-4993 ± 90

Added dissolved silver masses are calculated based on dissolved
silver in 250 mg Ag L-1 stock for AgNPs. Uncertainty estimates are
the standard deviation for n = 3 analytical replicates for dissolved
silver added, and for n = 3 experimental replicates for final concentrations. Net change is the final-added mass of silver (negative
denotes a loss, positive denotes an increase), and shows how much
dissolved silver left the dissolved phase with the error being the
square root of the sum of squared errors from the final and added
silver masses

dose of 250 mg Ag L-1 as AgNO3 where the dissolved-Ag
concentration was reduced by [99.9 %. While there was
visual evidence of AgNPs aggregating in streamwater, for
the sediment experiments, separate incubations were conducted (Fig. 5) in which AgNPs and sediment were isolated using dialysis membranes to assess aggregation of
AgNPs when exposed to sediment associated DOM and
ions (see schematic in Fig. 5b). Based on DLS measurements, no particles were formed in the dialysis tubes
containing only deionized water for either the low MWCO
(\0.5 kDa), or high MWCO (MWCO \ 50 kDa) membrane. For AgNP suspensions contained within \0.5 kDa
membranes—and thus only exposed to low molecular
weight organic matter and a range of ions—particles did
not aggregate, having an average hydrodynamic diameter
of 23 ± 2 nm as measured by DLS (which is close to the
21 ± 17 nm diameter of the primary AgNPs measured by
TEM; Fig. 5). In contrast, AgNP solutions contained
within \50 kDa membranes aggregated and precipitated
out of suspension, yielding a bimodal distribution with
most aggregates at 1,400 ± 440 nm, and fewer aggregates
at 290 ± 20 nm when particles were resuspended (Fig. 5).

Discussion
control and AgNP treated communities (Fig. 3d; ADONIS:
f(1,15) = 3.77; final stress was 16.4 and r2 for axes 1 and 2
were 0.73 and 0.19, respectively).
In all sediment slurry treatments, the mass of dissolvedAg was lower at the end of the experiment than it was
before treatment solutions were added to the sediment (as
represented by a negative net change; Table 1), even at a
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We assessed the response of natural microbial communities
to a single pulsed addition of a high concentration of
commercially produced AgNPs. While AgNPs have been
reported to be highly toxic to microbes in pure culture, and
have been found to have higher toxicity than dissolved-Ag
added at similar doses, our experiments found that these
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and f sulfatase. For all, n = 5,
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Fig. 5 a Distribution of hydrodynamic radius of AgNPs (measured
by dynamic light scattering, DLS, n = 3 experimental replicates)
exposed to sediment slurry through dialysis membranes with molecular weight cut-offs of either \0.5 kDa (solid line), or \50 kDa
(dashed line). b Diagram of experimental set up used in this

experiment. Sediment slurry (4 g dry weight sediment, 22 mL DI
water) was contained in a polystyrene cylinder, to which a dialysis
membrane was added containing 9.5 mL of either 250 mg Ag L-1
AgNPs, or DI water. Data from 250 mg Ag L-1 are shown, while DI
water had no particles detectable by DLS (data not shown)

commercially produced AgNPs showed modest toxicity to
streamwater microbes relative to AgNO3 (Fig. 1), and that
AgNPs had little effect on sediment microbes (Fig. 3).
These observations are consistent with our emerging conceptual understanding of NP impacts in the environment as
we increasingly recognize that mechanisms such as passivation, adsorption, aggregation, and physical separation
may collectively reduce the toxicity of NPs when microbes

are exposed in environmental media (Bradford et al. 2009;
Gao et al. 2011).
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The impacts of AgNPs on streamwater and sediment
microbes
In streamwater, AgNPs led to decreased respiration relative to
controls which was corroborated by dissolved organic C

Antimicrobial effects of commercial silver nanoparticles

measurements which showed higher DOC concentrations in
higher AgNP treatments indicating less decomposition (Fig. 1
a, b). Interestingly, while this suggests that metabolism of
DOC decreased, the activity of extracellular phosphatase (an
enzyme that cleaves orthophosphate from dissolved organic
phosphorous) increased in the 75 mg Ag L-1 AgNP treatment (Fig. 1d). Increases in alkaline phosphatase activity
suggest that some microbes were responding to either an
increase in substrate availability (organophosphorous compounds) or a decrease in product concentration (in this
instance, orthophosphate; Schimel and Weintraub 2003). In
contrast to these impacts in streamwater, the lack of any
measureable effect of sediment exposure to AgNPs on
microbial respiration, microbial biomass, bacterial community
composition (Fig. 3a, b, d) or extracellular enzyme activity (i.e., phosphatase, sulfatase, leucineaminopeptidase;
Fig. 4d–f) leads us to conclude that this particular commercial
AgNP has very limited toxicity in anoxic sediments.
The one detectable difference in the sediment experiment between AgNP treatments and controls was the lower
concentration of sulfate observed in the 250 mg Ag L-1
treatment. While the rate of sulfate accumulation did not
differ between treatments (52 lg L-1 day-1, data not
shown), the intercepts were different, suggesting that
between treatment initiation and our first measurement,
samples diverged in sulfate due to the presence of AgNPs.
Given that samples were likely anaerobic for the duration
of the experiment (as evidenced by N2O and CH4 production, data not shown), and low sulfatase activity, the
source of this sulfate is assumed to be desorption, but what
drove the initial divergence is unknown.
Comparing the impact on respiration of AgNPs and
dissolved-Ag concentrations (added in the form of
AgNO3), our results show that dissolved-Ag had a much
stronger impact on microbes in both streamwater and
sediment than AgNPs (Fig. 1b, Fig. 3a). In streamwater,
AgNO3 at 0.75 mg Ag L-1 caused respiration to drop
below detection, whereas 100 fold more Ag added as
AgNPs (75 mg Ag L-1) only decreased respiration by
39 % (Fig. 1a). In sediment, while AgNPs failed to have a
measurable effect on anything other than sulfate concentrations (Fig. 4a–f), AgNO3 exposure led to changes in
almost all measured outcomes with decreased enzyme
activity (Fig. 4d, e; phosphatase, leucine aminopeptidase),
altered nutrient concentrations (Fig. 4a–c; phosphate, total
ammonia, sulfate), and decreased microbial respiration,
increased microbial biomass, and shifted bacterial community composition (Fig. 3a, b, d).
While the increased microbial biomass and decreased
respiration in the sediment AgNO3 treatment may at first
appear contradictory, we hypothesize that these observations represent the balance between two different phenomena having to do with microbial stress ecology: stress
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avoidance through decreased metabolic activity, and a shift
in community composition from stress intolerant to stress
tolerant microbes (Schimel et al. 2007). To avoid stresses
(e.g., drought, change in ionic strength, presence of a
toxin), microbes can decrease activity to wait out the
stressor, then resume activity when conditions improve—
so long as conditions improve before the cumulative
damage of the stressor causes mortality. We suggest that
silver, while it may have caused some mortality, may have
led to less metabolic activity from some silver sensitive
taxa. At the same time, microbes less sensitive to silver
may have increased in abundance more rapidly than stress
intolerant microbes that experienced mortality. This would
have led to a community composition shift, as well as a net
increase in microbial biomass, which is consistent with our
TRFLP data showing a shift in the AgNO3 treatment, but
not in the control or 250 mg AgNPs L-1 treatment. Upon
addition of an abundant substrate (i.e., the yeast extract
used to determine microbial biomass) with high concentrations of Ag? binding ligands as well as abundant energy
and nutrients which could allow microbes to overcome the
toxic effects of Ag, both dissolved-Ag sensitive and tolerant microbes alike became active, yielding higher
microbial biomass than in the controls or AgNP treatments.
The toxicity of AgNPs may be derived in part from the
release of dissolved silver (Navarro et al. 2008), thus we
examined dissolved-Ag concentration in both streamwater
and sediment experiments. In streamwater, respiration was
proportional to the amount of dissolved-Ag at the end of
the incubation (r2 = 78, p \ 0.001; Fig. 1a), suggesting
that in streamwater, dissolved-Ag released from AgNPs
could plausibly be the mechanism of toxicity of AgNPs. In
sediment, concentrations were uniformly low for AgNPs
with the highest concentration in the 250 mg Ag L-1AgNP
treatment being 12.6 ± 2.2 lg L-1 on day 1, whereas the
250 mg Ag L-1 AgNO3 treatment had a high concentration of 332 ± 11 lg Ag L-1 at the end of the experiment.
The lack of response in the AgNP treatments is attributed
in part to the low dissolved-Ag concentration.
Streamwater and sediment impacts on AgNPs
and dissolved-Ag
In sediment and streamwater, we hypothesize that three
factors were likely at play in reducing the toxicity of silver:
complexation, precipitation, aggregation, and––in sediment
only—low redox potential. While examining the speciation
of silver was beyond the scope of this study, it has been
shown that, as Ag? or AgNPs become complexed by
ligands (e.g., sulfide, thiol groups on DOM, chloride, bromide) or precipitate with anions (e.g., chloride) their
reactivity and toxicity decline (Choi et al. 2009; Fabrega
et al. 2009).
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We found indirect evidence that complexation and/or
precipitation was an important fate for Ag in both experiments. In the streamwater experiment, dissolved-Ag
declined by 75 and 89 % in the 75 mg Ag L-1 AgNP and
the AgNO3 treatments respectively. While a visible precipitate was formed in the highest AgNP treatment, there
was no visible precipitate formed in the AgNO3 treatment.
One possible fate of dissolved-Ag is association with
amines, thiol groups, and carboxylic acid groups in dissolved organic matter (Smith et al. 1997). Much of this
complexed Ag would have been removed from solution
during ultracentrifugation. In the sediment experiment, the
mass of dissolved-Ag in all three AgNPs decreased to near
or below the detection limit, while in the AgNO3 treatment,
the mass of dissolved-Ag dropped by over three orders of
magnitude (Table 1). In sediment we suggest that both high
concentrations of organic matter and potentially high
concentrations of sulfide likely complexed or precipitated
silver, removing it from the supernatant.
As demonstrated in these experiments, the complex
mixture of organic matter, inorganic ions and particles in
natural media can react with AgNPs causing aggregation.
In streamwater, AgNP aggregation was observed in the
AgNP treatments, with microbes growing in biofilms
attached to aggregates (Fig. 2). In sediment, the dialysis
membrane study showed that AgNPs aggregated when
exposed to high molecular weight organic matter and ions,
whereas there was little to no evidence for aggregation
when exposed to only low molecular weight organic matter
and inorganic ions (Fig. 5). Realistically, when AgNPs
were added to sediments directly, aggregation was likely
dominated by heteroaggregation rather than autoaggregation given that we added at most 5 mg Ag to 4 g sediment.
While aggregation does not necessarily decrease the rate
of dissolution of silver ions off of the surface of AgNPs
(Liu and Hurt 2010), it has been shown to decrease toxicity
(Lok et al. 2007), potentially by decreasing the number
of AgNPs and the probability that an organism would
encounter a AgNP, thereby reducing toxicity.
In the sediment experiment, the low oxidation reduction
potential of this high organic matter sediment was likely to
have influenced silver toxicity in two distinct ways: first,
through promoting biological transformation of sulfate to
sulfide, a strong ligand for Ag?; and second, low redox
potential could foster abiotic and biotic reduction of Ag? to
Ag0 (below 0.2 V; Takeno 2005), which would decrease
Ag toxicity.
It is far too early to conclude from this work whether
existing regulations for dissolved-Ag could serve as a basis
for dealing with AgNPs, but these results suggest that this
is a possible outcome of further research on this topic.
Future work should seek to determine the commonalities
and differences in AgNPs of different sizes and coatings
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under similar environmental conditions, and should include
macroscopic as well as microscopic organisms. Further
studies are also needed to determine the extent to which the
physical or chemical characteristics of AgNPs (e.g., size,
initial coating) and the environment (e.g., DOM concentration, pH, ionic strength) influence these AgNP/environmental-matrix interactions. And finally, work with freshly
suspended commercial AgNPs or synthesized AgNPs
needs to be complimented by work on the ‘‘aged’’ forms of
AgNPs (e.g., Ag2S–NPs, rather than Ag0) that may be more
likely to enter the environment (Kim et al. 2010).
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